Abstract Increasing atmospheric nitrogen (N) deposition has the potential to alter plant diversity and thus the function and stability of terrestrial ecosystems. N-limited alpine ecosystems are expected to be particularly susceptible to increasing N deposition. However, little is known about the critical loads and saturation thresholds of ecosystem responses to increasing N deposition on the Tibetan Plateau, despite its importance to ecosystem management. To evaluate the N critical loads and N saturation thresholds in an alpine ecosystem, in 2010, we treated an alpine meadow with five levels of N addition (0, 10, 20, 40, and 80 kg N ha -1 year -1 ) and characterized plant and soil responses. The results showed that plant species richness and diversity index did not statistically vary with N addition treatments, but they both changed with years. N addition affected plant cover and aboveground productivity, especially for grasses, and soil chemical features. The N critical loads and saturation thresholds, in terms of plant cover and biomass change at the community level, were 8.8-12.7 and 50 kg N ha -1 -year -1 (including the ambient N deposition rate), respectively. However, pronounced changes in soil inorganic N and net N mineralization occurred under the 20 and 40 kg N ha -1 year -1 treatments. Our results indicate that plant community cover and biomass are more sensitive than soil to increasing N inputs. The plant community composition in alpine ecosystems on the Qinghai-Tibetan Plateau may change under increasing N deposition in the future.
Introduction
Human activities in the last century have resulted in a pronounced increase in atmospheric nitrogen (N) deposition around the world (Galloway et al. 2004 (Galloway et al. , 2008 . Increasing N deposition has reached a level that dramatically influences the stability of some natural ecosystems (Matson et al. 2002) . For example, plant communities would shift under increasing N deposition (Bobbink et al. 1998; Bragazza et al. 2004; Sala et al. 2000) , and such shifts are generally associated with a decline in plant species richness and a loss of biodiversity Stevens et al. 2004 Stevens et al. , 2010 . Additionally, some soil processes, especially the soil N cycle, can be altered by N enrichment (Lu et al. 2011 ).
Electronic supplementary material The online version of this article (doi:10.1007/s00267-015-0626-6) contains supplementary material, which is available to authorized users. shipl@igsnrr.ac.cn Although external N input generally increases aboveground net primary production by alleviating ecosystem N limitation (LeBauer and Treseder 2008; Xia and Wan 2008) , N enrichment may decrease plant species richness by shifting plant communities toward compositions that have the ability to acquire and/or tolerate high N levels (Bowman et al. 2008) . Such losses in species diversity, in turn, will affect ecosystem productivity and stability (Bai et al. 2004; Tilman et al. 1996 Tilman et al. , 2006 . In addition, continuous high levels of N enrichment can substantially change soil physical and chemical characteristics by decreasing soil pH (Guo et al. 2010; Phoenix et al. 2012) , which leads to increases in hydrogen (H ? ) and aluminum (Al 3? ) ions, as well as calcium (Ca 2? ) and magnesium (Mg 2? ) leaching (Stevens et al. 2010) . These deleterious changes in soil properties may further reduce plant diversity and productivity (Stevens et al. 2010 ). More importantly, some soil processes themselves can serve as ''N-saturation'' signals of ecosystem responses to N enrichment (Bowman et al. 2006; Lieb et al. 2011) . For example, significant increases in nitrate as N leaching, soil solution inorganic NO 3 --N, and net N nitrification have occurred at N deposition rates above 20 kg N ha -1 year -1 in alpine dry meadows of the Colorado Rocky Mountains (Bowman et al. 2006) . Taken together, these plant community and soil properties can be regarded as sensitive indicators of ecosystem responses to increasing N deposition, as well as N ''critical loads'' (Bobbink and Roelofs 1995; Bowman et al. 2006; Bragazza et al. 2004) .
Critical loads, which have been widely used by environmentalists to assess the impacts of pollutants on ecosystems, are generally defined as the minimum input of a pollutant that causes a significant ''harmful effect'' on a sensitive ecological indicator (Bobbink and Roelofs 1995; Bowman et al. 2006 Bowman et al. , 2012 Porter et al. 2005) . The N critical load for changes in vegetation is defined as the N input level below which no biotic change (such as plant cover, biomass, or species composition) would occur (Bowman et al. 2006) . N saturation is defined by Aber et al. (1989) as the point when ammonium and nitrate availability exceed plant and microbial nitrogen demand. Indicators of N saturation have been documented by soil-based measures, including changes in N mineralization, nitrification, and NO 3 --N leaching rates (Aber et al. 1989; Bowman et al. 2006; Lovett and Goodale 2011; Pardo et al. 2011) , or changes in sensitive biota, such as plant community composition (Bowman et al. 2006 (Bowman et al. , 2012 Lovett and Goodale 2011) . Previous studies showed that plant diversity and soil characteristics would respond nonlinearly to multi-level N additions (Wei et al. 2013 ). Hence, multilevel N addition experiments (Bai et al. 2010; Bowman et al. 2006; are important tools for the estimation of N critical loads of ecosystems.
The Qinghai-Tibetan Plateau, known as ''the roof of the world'' and ''the Earth's third pole,'' is the birthplace of the great rivers in China and other Asian countries (Zheng et al. 1979; Sun et al. 2012) . The alpine ecosystem is very fragile and sensitive to climatic changes, and it may act as an ''indicator region'' for environmental changes (Tang et al. 1986) . Although atmospheric N deposition is very dramatic on the eastern Qinghai-Tibetan Plateau region, ranging from 8.7 to 13.8 kg N ha -1 year -1 (Lü and Tian 2007) , and to date, no estimations of N critical loads and saturation thresholds in response to increasing N deposition have been reported in alpine ecosystems on the QinghaiTibetan Plateau. Because of their thin soils and low biological buffering capacity, alpine ecosystems are particularly susceptible to continued N deposition (Williams et al. 1996; Williams and Tonnessen 2000; Bowman et al. 2006) . If N input thresholds are reached and/or exceeded, national water resources and ecological security will be endangered. Here, we used a multi-level N addition experiment to determine the N critical loads for plants and soils in an alpine meadow in the heartland of the Qinghai-Tibetan Plateau; more specifically, we studied changes in plant composition and biomass, soil inorganic N, mineralization, and microbial biomass.
Materials and Methods

Site Description and Experimental Design
The study was performed in an alpine meadow community approximately 3 km north of Damxung County, Tibet Autonomous Region, China (91°05 0 E, 30°51 0 N). The site is located on the south-facing slope of the Nyainqentanglha Mountains at 4,333 m above sea level in the mid-south of the Tibetan Plateau. A detailed description of the experimental site can be found in Jiang et al. (2013) . The climate in this site is characterized as the semi-arid continental type. The mean annual temperature is 1.3°C, with a minimum of -10.4°C in January and a maximum of 10.7°C in July. Annual precipitation is 477 mm, 85 % of which falls from June to August. The soil is classified as Mat-Gryic Cambisol, corresponding to Gelic Cambisol, with a depth of approximately 0.3-0.5 m. The soil particle composition is 67.02 % sand, 18.24 % silt, and 14.74 % clay (Fu et al. 2012) . Detailed soil properties can be found in the study by Zong et al. (2014a, b) . The alpine meadow is dominated by the sedges Kobresia pygmaea C.B. Clarke var. pygmaea and Carex montis-everestii, and the grass Stipa capillacea Keng. In addition, the meadow has also been invaded by the forb Anaphalis xylorhiza due to degradation resulting from overgrazing. The total atmospheric inorganic N deposition at the study site is approximately 6.0 kg N ha -1 year -1 (unpublished data), as estimated from wet deposition measurements by an ion exchange resin collector.
A complete randomized block design was used for N deposition manipulation. Four blocks were established, and five 3 m 9 3 m split plots were established in each block, with 2-m aisles as buffering zones between the adjacent plots. The experimental treatments consisted of four levels of N fertilization (10, 20, 40, and 80 kg N ha -1 year -1 ), which were roughly 1.5-, 3-, 6-, and 12-fold greater than the ambient N deposition in Damxung County, along with a control treatment. N was applied three times during the growing season as NH 4 NO 3 in an aqueous solution (9 L per plot) using sprayers. Half the dose of the nitrogenous fertilizer was applied in mid-May at the beginning of seedling establishment, and the remaining half was applied in two treatments, one in early June and another in early August. The amount of water added to the plots equaled a 6-mm increase in precipitation (approximately a 1.2 % increase in annual precipitation), which was well within the range of inter-annual variability (20.3 % from 1981 to 2010; data were obtained from the Damxung meteorological station). The plots were established in 2010, and the N fertilizer was applied annually from 2010 to 2013.
Field Survey and Plant Sampling
The plant community composition within the plots was measured yearly from 2011 to 2013 (except for the 80 kg N ha -1 year -1 addition treatment in 2011). The mean cover of each plant species was measured during the peak growing season, which occurred in mid-August, using a 50 cm 9 50 cm quadrat divided into 25 10 cm 9 10 cm sub-squares in each plot (Lin et al. 2011; Wang et al. 2012a) . Species richness and the Shannon-Wiener diversity index (H 0 ), which represents both the richness and evenness of species, were calculated annually for each plot.
To examine the response of the aboveground production of each plant functional group to the N addition treatments, aboveground biomass was clipped in the 50 cm 9 50 cm sub-squares after field surveying within each of the plots. Biomass was clipped annually during the peak growing season in mid-August (except for the 80 kg N ha -1 year -1 addition treatment in 2011). The plants were separated into four functional groups, including grasses (S. capillacea and Poa spp.), sedges (Kobresia spp. and Carex spp.), Anaphalis xylorhiza, and all other forbs. After harvesting, the biomass of each functional group was oven dried at 65°C for 48 h and weighed. The dry matter weight was measured (±0.01 g) and calculated on a per square meter basis.
Soil Sampling and Laboratory Analysis
Five soil cores were randomly sampled in each quadrat using an auger (3.8 cm in diameter, 15 cm in depth) after collection of the plant aboveground materials in each growing season (except for the 80 kg N ha -1 year -1 addition treatment in 2011). The five cores were mixed as a composite soil sample and immediately passed through a 2-mm sieve to remove roots, gravel, and stones. Within 48 h, NO 3 --N and ammonium as nitrogen (NH 4 ? -N) in the composite soil sample were extracted using 2.0 mol L -1 KCl, filtered, and analyzed on a continuous flow analyzer (AA3, SEAL Analytical, Norderstedt, Germany).
Soil microbial biomass carbon (SMC) and N (SMN) were measured using the chloroform fumigation extraction method (Fu et al. 2012; Vance et al. 1987) . Briefly, fumigated and unfumigated soil samples were extracted with 0.5 mol L -1 potassium sulfate (K 2 SO 4 ) and filtered through a 0.45-lm filter membrane. The levels of extractable organic C and N were determined by a liquiTOC II analyzer (Elementar Co., Hanau, Germany) and by potassium persulfate (K 2 S 2 O 8 ) oxidation as measured by a UV-1700 PharmaSpec UV-Vis spectrophotometer (Shimadzu, Kyoto, Japan), respectively. The extractable C and N were converted to SMC and SMN using conversion coefficients of 0.45 (Fu et al. 2012; Xu et al. 2010 ).
The soil net N mineralization rate (R min ) was measured using the buried soil core technique (Contosta et al. 2011; Zong et al. 2013 ). The concentrations of extractable NO 3 --N and NH 4
? -N were compared in initial and incubated soil cores in situ for approximately 3 weeks from early to late August and then divided by incubation time to obtain the net ammonification and nitrification rates (mg kg
Data Analysis
The response function for the change in vegetation cover per year versus the N deposition rate was estimated using a polynomial dose response curve, with the x-intercept providing the N critical load for vegetation change (Bowman et al. 2006 (Bowman et al. , 2012 . We estimated the N critical load for changes in vegetation cover or biomass as the N deposition rate below which no significant increase in cover or biomass of each functional group would occur, while above which the cover or biomass of vegetation increased. The vegetation community data (species richness, diversity, cover, and biomass) were analyzed using two-way (N addition levels and experimental years) analysis of variance (ANOVA). One-way ANOVA followed by Tukey's multiple comparisons was used to examine the effects of N addition on cover, the biomass in each functional group and the total community, the soil inorganic N concentration, net R min (including nitrification and ammonification), SMC, and SMN in each 
Results Vegetation Responses: Plant Community Composition and Biomass
Plant species numbers in the manipulated plots ranged from 10 to 14. Neither species richness (Fig. 1a) nor the Shannon-Wiener diversity index (H 0 ) (Fig. 1b) varied with N addition treatments ( Fig. 1; Table 1 ), while they both changed with years. There were no interactive effects of treatment and year on species richness and H 0 ( Table 1 ). The effects of N addition on community cover were significant and increased with experimental years ( Fig. 2 , P = 0.039 in 2011, P = 0.024 in 2012, and P \ 0.001 in 2013). In the second (2011) and third (2012) years, the effects of N treatments on community cover were only significant under the 40 kg N ha -1 year -1 addition treatment (Fig. 2a, b) , while in the fourth year (2013), the effects were significant for all the N addition treatments (Fig. 2c ). There were declining trends in community cover in the 80 kg N ha -1 year -1 addition treatment, primarily due to N saturation at this high N addition level (Fig. 2b, c) .
In the control plots, the cover of grasses, sedges, Anaphalis xylorhiza, and all other forbs were 7. 35-9.13, 8.3-14.62, 7.33-14.33, and 7.50-12 .43 %, respectively. The only functional group that responded significantly to the N addition treatments was the grasses, which increased depending on the N levels (P \ 0.01 during all three years, Fig. 2 ; Table 1 ). For example, the average cover of grasses increased by 115, 133, 224, and 108 % in the 10, 20, 40, and 80 kg N ha -1 year -1 addition treatments in 2013, respectively (Fig. 2) . The cover of sedges and Anaphalis xylorhiza showed no significant responses to the N addition treatments, while other forbs showed inter-annual variations, with significant increases in 2011 and 2013, and insignificant changes in 2012 (Fig. 2) .
As the vegetation cover of plant functional groups exhibited a declining trend when the N addition rate reached 40 kg N ha -1 year -1
, N critical loads for vegetation changes were 9.2 and 12.7 kg N ha -1 year -1 (including ambient deposition) for grasses and forbs, respectively. Furthermore, we inferred the N input threshold for the plant community in this alpine meadow to be approximately 50 kg N ha -1 year -1 (Fig. 3) . The total aboveground biomass increased significantly under the N addition treatments from the second to the fourth experimental year. In 2011 and 2013, the increase in aboveground biomass was pronounced when the N addition rate was greater than 20 kg N ha -1 year -1 (Fig. 4a, c) , while in 2012, plant aboveground biomass increased significantly by 40.3, 51.2, 84.8, and 68.8 % under the 10, 20, 40, and 80 kg N ha -1 year -1 addition treatments, respectively (Fig. 4b) . Total aboveground biomass exhibited declining trends under the 80 kg N ha -1 year -1 addition treatment (Fig. 4b, c) .
In the control plots, the biomass proportions of grasses, sedges, Anaphalis xylorhiza, and all other forbs were 10.1-17.2, 14.5-23.9, 38.8-52.1, and 20.1-22.7 %, respectively. Similar to the plant cover response, the functional group that was most sensitive to the N addition treatments was grasses (Fig. 4 , P \ 0.001). In addition, the aboveground biomass of forbs was also enhanced by N enrichment, and the response increased over time (Fig. 4 , P = 0.017 in 2011, P = 0.015 in 2012, and P \ 0.001 in 2013). The aboveground biomass response for sedges and Anaphalis xylorhiza varied with years, with a decline of sedges in 2011 and no significant changes in 2012 and 2013 (Fig. 4) .
We also estimated the N critical load above which the biomass of each functional group changed. Similar to plant cover, the biomass of grasses exhibited a declining trend when the N addition rate was greater than Fig. 1 Inter-annual variations of species number and Shannon-Wiener diversity index (H 0 ) subjected to 3 years of ambient deposition (control), and N additions of 10, 20, 40, and 80 kg N ha -1 year -1 . NS represented no significant differences among these five N addition levels . Plant tissues were sorted into grasses, sedges, Anaphalis xylorhiza, and all other forbs. Bars represent mean ± S.E. (n = 4) (Fig. 6a-c) . The NO 3 --N and NH 4
? -N concentrations in root layer soil increased with increasing N addition rates, and significant increases in NO 3 --N and NH 4 ? -N concentrations occurred between the 10 (Fig. 6a, in 2011) and 40 kg N ha -1 year -1 (Fig. 6b , c, in 2012 and 2013) treatments. R min was also affected by N addition. In 2011 and 2013, N addition rates greater than 10 kg N ha -1 year -1 significantly increased R min (Fig. 6a) , while this pattern occurred at N addition rate equal to or greater than 40 kg N ha -1 year -1 during 2012 (Fig. 6b , F = 90.216, P \ 0.001). However, R min returned to the control level in the . The data were fit with a polynomial dose response curve 80 kg N ha -1 year -1 addition plots (Fig. 6c) . The net nitrification rate is the main component of R min , and it showed the same pattern as R min , while the net ammonification rate was only elevated at N addition rates greater than 10 kg N ha -1 year -1 in 2011 (Fig. 6a) .
Discussion
The determination of N critical loads for alpine meadows is of great importance and provides an early warning before harmful effects on such ecosystems occur. Our study illustrates that the sensitive response of grasses enables the determination of N critical loads. The cover and biomass responses of this functional group showed a nonlinear response to increasing rates of N addition (Figs. 3, 5 ). Critical loads of N deposition for the alpine meadow in our study were approximately 8.8-12.7 kg N ha -1 year -1 . This estimation included the ambient N deposition in this area (about 6 kg N ha -1 year -1 ), and is very close to the N critical load estimation for an alpine dry meadow, which exhibited a community response at a N deposition rate of 10 kg N ha -1 year -1 (Bowman et al. 2006) . N critical load estimation in this area is also similar to the N critical load for ombrotrophic Sphagnum plants under increasing atmospheric N deposition in Europe, which exhibited changing nutritional constraints at a N deposition rate of 10 kg N ha -1 year -1 (Bragazza et al. 2004 ). This result is considerably below the critical threshold for N-induced species loss in temperate grasslands (about 17.5 kg N ha ; Bai et al. 2010) , indicating that alpine meadow ecosystems are much more sensitive to N enrichment than other grassland ecosystems. Furthermore, our results also demonstrate that vegetation changes are ongoing in some parts of the Qinghai-Tibetan Plateau. Because the current N deposition rates in the eastern Qinghai-Tibetan Plateau, which range from 8.7 to 13.8 kg N ha -1 year -1 (Lü and Tian 2007) , exceed this critical load, N deposition may have substantial effects on the functions of alpine ecosystem in this area.
Plant Community Responses to N Addition
In this study, the diversity and richness of vascular plant species did not exhibit statistically significant responses to increasing N addition, which is in contrast to most previous studies that showed a loss of plant species richness in response to N addition (Bai et al. 2004; Chen et al. 2013; Fang et al. 2012) . In these studies, nitrophilic species may become dominant, and rare species may be excluded by competition within the plant community for nutrient resources (Suding et al. 2005) . Moreover, competition for light may be another important reason for the disappearance of some species, because those species at the top of the canopy and/or those with a fast growth rate have easy access to light (Bowman et al. 1993; Hautier et al. 2009; Suding et al. 2005 ). However, with relatively lower species numbers and a low-density plant community, light competition resulting from N input is less severe in the alpine meadow in our study compared with other ecosystems. Additionally, although the diversity and richness of vascular plant species did not exhibit statistically significant responses to increasing rates of N addition, they changed with years. The insignificant change in species composition may be partly due to the relatively short experimental time, as the results in this study were from the second to the fourth experimental years. Generally, biological responses to N deposition are nonlinear, and N saturation is defined as the critical threshold point above which ecosystem functions may shift in unpredictable ways (Wei et al. 2013) . N saturation occurs when supplies of ammonium and nitrate are in excess of the total combined plant and microbial demand (Aber et al. 1989 (Aber et al. , 1998 . In this study, plant community cover and biomass displayed unimodal patterns in response to N addition levels, with peak values occurring at the 50 kg N ha -1 year -1 addition rate (Figs. 2, 4) , which indicates that the 50 kg N ha -1 year -1 addition rate is the N saturation threshold for the plant community of this alpine meadow ecosystem. This result is of great importance for rangeland management, as fertilization has become a frequently used measure for the restoration of degraded rangelands (Bai et al. 2010; Conant et al. 2001; Schellberg et al. 1999) . From a management perspective, N addition levels greater than 50 kg N ha -1 year -1 do not yield more forages but require more fertilization input, resulting in insufficient economic benefits. Additionally, the results from another long-term fertilization experiment in this region showed that plant community cover and aboveground biomass in 100 kg N ha -1 year -1 addition plots were lower than those under a 50 kg N ha -1 year -1 addition treatment in the sixth year of N addition treatment (Zong et al. 2014a, b) . In addition, excessive N input will also elicit a series of environmental problems. The responses of plant community cover and biomass to N input are mediated in part by changes in plant growth (Bowman 1994; Bowman et al. 1993; Theodose and Bowman 1997) . In our study, the most pronounced functional group that exhibited cover and biomass increases was grasses, which is similar to the results of other nutrient addition experiments in alpine meadows (Bowman 1994; Theodose and Bowman 1997) . Generally, rhizomatous grasses are better adapted to high N levels (Bai et al. 2010) . As faster-growing and tall species, grasses are in the upper part of the community canopy and outcompete other species for light (Hautier et al. 2009 ). Furthermore, with their fibrous root systems, grasses have greater abilities to compete for soil water and nutrient resources (Yang et al. 2014) . Recent studies reported that the soil organic N and nitrate absorption capacities of the grasses Poa pratensis and Stipa aliena are greater than those of other species in an alpine community, as shown by an in situ 15 N isotope labeling technique (Wang et al. 2012b) . As palatable forage grasses, the increase in grasses is beneficial to the recovery of degraded rangelands, as well as livestock husbandry. The cover of sedges and the most dominant species, Anaphalis xylorhiza, in the meadow community did not significantly respond to N enrichment, while other forbs increased in the second and fourth experimental years. Differences in growth form and physiology principally account for the differential responses of plants to N enrichment (Aerts and Berendse 1988; Bowman and Conant 1994; Chapin 1980; Theodose and Bowman 1997) . Therefore, when N deposition reaches or exceeds the saturation threshold, the structure of grassland ecosystems can be altered by shifts in plant functional group composition (Bai et al. 2010; Clark and Tilman 2008) .
Soil Responses to N Enrichment
Consistent with previous studies (Bowman et al. 2012; Contosta et al. 2011; Wei et al. 2013) , external N input increased soil inorganic N concentrations, but the effects varied with years ( Fig. 6 ). This phenomenon has been observed in previous studies (Aber et al. 1993; Magill et al. 1996) . Relative to NH 4 ? -N, the increase in the NO 3 --N concentration was more pronounced in response to N input (Fig. 6) , possibly resulting in the potential risk of nitrate leaching from the soil, as well as detrimental effects on the environment. Additionally, increases in soil NO 3 --N leaching can initiate acidification, as soil cations are removed from cation-exchange sites and replaced by protons (Binkley and Richter 1987; van Breemen et al. 1983) .
Increases in NH 4
? -N can enhance nitrification rates, which will also acidify soils (Bowman et al. 2012) . Recent studies reported that soil pH in the surface layer declined by approximately 0.61 units in an alpine meadow due to atmospheric N deposition during the last two decades (Yang et al. 2012) . Sustained, long-term soil acidification could induce the release of mobile forms of Al 3? , which are toxic to vegetation in grassland ecosystems (Bowman et al. 2008) .
Unlike the increase in soil inorganic N, the effects of external N input on soil net mineralization and nitrification rates varied at N addition levels between 20 and 40 kg N ha -1 year -1 over the experimental years. In the fourth year, the net mineralization rate under the 80 kg N ha -1 year -1 addition treatment returned to the control level (Fig. 6 ), further suggesting that N addition levels in excess of 80 kg N ha -1 year -1 may lead to N saturation. Likewise, studies of forest ecosystems reported that N addition initially increased N mineralization, but that elevated rates of N cycling either returned to original levels (Aber et al. 1993; Magill et al. 1996) or even declined after a few months or years of fertilization (McNulty et al. 1996) , as the external N supply exceeds plant and soil microbial demand for N (Gilliam et al. 2005 ). This was confirmed by our own results, which suggests that changes in soil mineralization and nitrification rates in alpine meadows could be comparable to those of forest ecosystems, and that they could serve as early signals of N saturation.
Unexpectedly, SMC only responded to N addition in 2013 (Fig. S1) . Some other studies also found similar results. For example, there is evidence that in boreal ecosystems, fungal and microbial biomass does not always respond to N addition (Allison et al. 2008; Boxman et al. 1998; Brenner et al. 2005; Ramirez et al. 2012 ). Thus, SMC in alpine soils may not be as sensitive to N addition compared with other soil parameters. Furthermore, a global meta-analysis revealed that N addition inhibited microbial activity, as indicated by a reduction in SMC (Janssens et al. 2010; Liu and Greaver 2010; Treseder 2008) , and the negative impacts were primarily significant for NH 4
? -N and NH 4 NO 3 inputs (Liu and Greaver 2010) . This reduction was attributed to the following mechanisms: (i) the toxicity effects caused by N enrichment, such as increasing osmotic pressure, soil acidity, and aluminum toxicity, offset the positive effects of increasing the labile C supply (Liu and Greaver 2010) , and (ii) the limited resources for microbial communities shifted from C to water, phosphorus, or other resources (Liu and Greaver 2010; Zhang et al. 2013) . N addition tended to increase SMN, resulting in a decrease in the soil microbial C/N ratio in 2013 (Fig. S1 ).
Ecosystem Implications of N Saturation Thresholds
Because of the location and high latitude of the QinghaiTibetan Plateau, its ecosystems and natural environment are inherently fragile and unstable, making them especially sensitive to global climatic changes. Moreover, because of their thin soils and low biological buffering capacity, alpine ecosystems are particularly susceptible to N deposition (Bowman et al. 2006; Williams and Tonnessen 2000; Williams et al. 1996) . If the thresholds of N inputs are reached and/or exceeded, national water resources and ecological security will be endangered by nitrate leaching and a reduction in species diversity. To date, no similar study has been conducted in this region. As the plant functional groups and soil properties showed nonlinear responses to long-term and multiple-level N inputs, we evaluated the N critical loads for vegetation cover and biomass changes in an alpine meadow on the QinghaiTibetan Plateau. The N critical loads identified in this study could be used to mitigate adverse environmental effects before further environmental deterioration occurs under future increasing rates of atmospheric N deposition.
In addition, our results indicated that the 50 kg N ha -1 year -1 addition rate is the N saturation threshold for the plant community of this alpine meadow ecosystem. This result is of great importance for rangeland management, as N addition level greater than 50 kg N ha -1 year -1 do not yield more forages but require more fertilization input, resulting in insufficient economic benefits. This result could also provide useful scientific guidelines for the management of alpine ecosystems on the Qinghai-Tibet Plateau.
Conclusions
To our knowledge, this is the first study to evaluate the N critical loads for plant and soil changes of an alpine meadow on the Qinghai-Tibetan Plateau. The current N deposition rate in the eastern Qinghai-Tibetan Plateau ranges from 8.7 to 13.8 kg N ha -1 year -1 (Lü and Tian 2007) , which nearly exceeds the N critical loads for plant community functional group change. We speculate that community composition changes are probably ongoing in some parts of the Qinghai-Tibetan Plateau. However, notable changes in soil characteristics occurred at N addition rates equal to or greater than 20 kg N ha -1 year -1
(not including the ambient deposition rate). These findings provide evidence that support the conclusions of Bowman et al. (2006) and Bai et al. (2010) , who showed that the vegetation compositions of grassland ecosystems are much more sensitive than soil to external N inputs. By 2050, the N deposition rate on the Qinghai-Tibetan Plateau is projected to increase to 40 kg N ha -1 year -1 (Galloway et al. 2004) , which is equal to the estimation of the N saturation threshold for alpine meadow community cover and plant production in this region. If N deposition is greater than the threshold, the biotic and abiotic demands for N deposition will be exceeded, thereby leading to further increases in soil NO 3 --N leaching and acidification, which may eventually result in detrimental and irreversible impacts on the stability and sustainability of alpine ecosystems.
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